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The accumulation and fragmentation of plastic debris in marine
environments have become a global issue and a growing concern
(GESAMP, 2015; Galloway and Lewis, 2016). Plastic debris can be
regarded as a complex cocktail of contaminants, including chemical
additives, residual monomers and ambient chemical substances
sorbed on a polymer (Mato et al., 2001; GESAMP, 2015). Although
the impact of larger plastic items, such as plastics bags, ﬁshing nets
and plastic fragments, on birds, turtles and marine mammals due
primarily to entanglement and ingestion is well documented (Gall
and Thompson, 2015), the adverse effects of microplastics (particles
< 5 mm in diameter) on marine wildlife is less well understood. In
recent years, considerable research has been conducted using lab-
oratory experiments to quantify the physical and chemical impacts
of microplastics on marine organisms, including phyto- and
zooplankton, corals, echinoderms, bivalves, and ﬁsh (Cole et al.,
2013; Wright et al., 2013; Hall et al., 2015; L€onnstedt and Ekl€ov,
2016; Sjollema et al., 2016). These laboratory studies show that
microplastics can impact an organism at many levels of biological
organisation including changes in gene expression, inﬂammation,
behaviour, growth and breeding success (for reviews, see Cole et al.,
2013; Wright et al., 2013; GESAMP, 2015). Evidence of the trophic
transfer of microplastics along the food chain has recently been* Corresponding author.
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frommesozooplankton to macrozooplankton (Set€al€a et al., 2014). It
is well documented that early developmental stages of organisms
exhibit a higher sensitivity to toxicants than other life stages, which
may consequently adversely affect population levels (Beiras et al.,
2012). There is previous evidence that pelagic larval stages, such
as pluteus, trochophora and rotifer, are able to ingest and egest
different sizes of plastic spheres (1.7, 2.7, 25, 32 mm) (Strathmann
et al., 1972). The structures of marine communities depend,
among other factors, on the ability of planktonic larvae to enter into
adult populations, and there is the potential for the adverse impact
of microplastics on eggs and embryos to threaten this. Therefore,
developing embryos and marine larvae deserve special attention.
Polystyrene (PS) and polyethylene (PE) belong to the most
commonly used plastics in the world and consequently to the most
encountered plastics in marine environments (Andrady, 2011). PS is
used in a variety of consumer and construction products, including
food packaging and structures such as ﬂoating docks and buoys.
HDPE is used in a wide variety of applications, such as plastic liquid
food bottles and containers, plastic grocery sacks, housewares,
sporting goods, piping, and plastic lumber (GESAMP, 2015). Many
laboratory studies investigating the potential effects of micro-
plastics use polymeric particles obtained from industry companies
(VonMoos et al., 2012; Avio et al., 2015) or from commercial brands
(Farrell and Nelson, 2013; Della Torre et al., 2014). Research on the
particle toxicity of microplastics includes in vivo tests based on
exposure to virgin microplastics, which are supposed to be free
from any additives and/or residual monomers. Virgin ﬂuorescent
labelled plastic microspheres are frequently used as priority ma-
terials in laboratory exposure studies because they enable easy
assessment of ingestion, bioaccumulation, tissue translocation and
egestion processes (Besseling et al., 2013; Kaposi et al., 2014; Watts
et al., 2014). However, the toxicity caused by co-contaminants
leaching from the polymeric materials used in laboratory studies
has received less attention and requires further research. Further, it
has been found that unknown additives can leach from ingested
microplastics (PVC) into the bodies of worms, reducing their
feeding activity (Browne et al., 2013). The toxicological response
C. Martínez-Gomez et al. / Marine Environmental Research 130 (2017) 69e7670resulting from the ingestion of microplastics may thus be due to
cumulative or synergetic effects caused by inert particle and
various leaching chemicals.
Our previous experience suggested that PS microspheres cause
an effect on the pelagic fertilization and larval development of the
sea urchin Paracentrotus lividus (Lamarck, 1816). In the present
study we tested the working hypothesis that the observed and
reported effects of virgin PS microspheres and HDPE ﬂuff might be,
at least in part, due to the leaching of co-contaminants. For this
purpose, we investigated potential toxic effects on the pelagic
fertilization and larval development of the sea urchin Paracentrotus
lividus after exposure to virgin and experimentally aged PS and
HDPE materials and their leachates.
2. Material and methods
2.1. Model microplastics
Commercial synthetic polymers of polystyrene (PS) micro-
spheres (Fluoresbrite™ Polychromatic Red 6.0 Microspheres) and
high density polyethylene (HPDE) ﬂuff (Abifor 1300/20, Abifor
Zürich, Switzerland) were used as proxies for microplastics in
marine systems. The PS microspheres were purchased from Poly-
sciences Europe GmbH (Germany): they had a diameter of 6 mm
and were uncharged. According to the technical speciﬁcations of
the supplier, the PS microspheres are internally dyed using solvent
swelling/dye entrapment. Further, the highly hydrophobic dyes
(coumarin, ﬂuorescein, rodhamine and phycoerythrin) remain
trapped in the beads in aqueous environments, and some leaching
of rodhamine may occur but only with aggressive washing. Ac-
cording to Abifor AG (Pers. comm. Marco Hilhorst, Abifor AG), the
polymers used in this study were free of any additives. The HPDE
ﬂuff used was non-uniformly shaped grains ranging >0e80 mm in
size (Gaussian distribution) andwas free of additives. The grain size
distribution according to EN-ISO 4610 standards is as follows: <
50 mm ¼ 35e45%, < 63 mm ¼ 60e80%, < 80 mm ¼ 98e100% (Von
Moos et al., 2012).
2.2. Bioassays and test solutions
About twenty mature sea urchin adults (Paracentrotus lividus)
were sampled in March and April (reproductive period of the
species) from the reference site Cala Reona (Murcia, SE Spain) and
transported immediately to the laboratory. Gametes were obtained
following methodology described in Saco-Alvarez et al. (2010) and
Beiras et al. (2012), with minor modiﬁcations. Specimens were
stimulated to spawn by osmotic-shock, injecting 2 mL of 0.5 M KCl
through the peristomal membrane into the coelom. The organisms
were allowed to spam for up to a maximum of 10 min. Animals
providing relatively little or dilute gametes were excluded for
gamete sampling. Spermwas aspirated “dry” from the gonopore of
selectedmales using a Pasteur pipette and samples were separately
stored in beakers and held on ice (< 15 min) until its posterior use.
Females were inverted over a 200 mL beaker containing dilution
FSW and left to release eggs. Prior to fertilization, gamete viability
was assessed under a microscope (zoom x100) by placing by
placing a subsample of gametes from each specimen in a drop of
FSW. Eggs from each batch were checked for size and roundness,
and they considered viable when more than 90% of the eggs were
round, free of germinal vesicles and with a diameter ranging from
90 to 100 mm. Selected egg batches from three females were then
ﬁltered through a 150 mm screen to remove pellets and pooled in a
beaker containing 400 mL FSW. Eggs were washed three times by
decantation, removing supernatant and adding dilution FSW and
the ﬁnal density determined. Sperm with highest motility anddensity (qualitatively assessed) was selected to conduct the bio-
assays. A standard sperm solution was prepared by adding about
500 mL of the selected sperm to 24.5 mL of dilution FSW. Pre-trial
testings were always conducted with the selected gametes in or-
der to make sure the fecundation ratio was higher than 91%
(Ghirardini et al., 2001). Sperm density was not calculated in our
study as the control treatment in fertilization bioassay gives
essential information regarding biological quality of the test
organisms.
Exposure concentrations were chosen on the basis of trial ex-
periments. All the test solutions for fertilization and embryotoxicity
bioassay were prepared with ﬁltered clean seawater (FSW)
(offshore seawater from 150 m depth; 0.45 mm; HA Millipore;
salinity ¼ 38.0‰; pH ¼ 8.02; dissolved oxygen ¼ 8.1 mg/L). Phys-
icochemical parameters were recorded in all test chambers before
and after each bioassay and adjusted when necessary to maintain
optimum test conditions (7.0 < pH < 8.5; 35.0 < salinity < 38.1;
dissolved oxygen > 2 mg/L; H2S < 0.1 mg/L; NH3 < 40 mg/L) (Saco-
Alvarez et al., 2010). All the fertilization and embryotoxicity bio-
assays were performed at a controlled temperature (20 C).
2.2.1. Fertilization bioassays
Sea urchin eggs were mixed (stirring gently) with PS micro-
spheres for 10 min in four test solutions (0 microspheres PS/mL
FSW (control) and nominal concentrations of 103, 104 and 105 mi-
crospheres PS/mL FSW). Sixty mL of test solutions (2700 eggs/mL
FSW) were added to each test chamber (consisting of sterilized
100 mL ﬂat-bottomed glass jars) before sperm addition. Then, a
standard sperm solution was prepared as described above and
50 mL of it was added to each test chamber (control and treat-
ments). Solutions were stirred gently using a thin glass bar during
15 min and then the fecundation process was stopped by adding
two drops of 40% buffered formalin in each test chamber. Three
replicates were prepared per concentration (control and treat-
ments). The fertilization rate (%) in each test chamber was calcu-
lated by determining under the microscope the percentage of
resulting zygotes (fertilized eggs identiﬁed by the fertilization
membrane) in three subsamples of 20 mL; Total n > 300). In addi-
tion, the normal zygotes obtained after exposing sea urchin gam-
etes to PS microspheres were subsequently used to test potential
late effects on embryo and larval development.
2.2.2. Embryotoxicity bioassays
The sea urchin embryotoxicity test (SET) was performed
following the methodology described by Duran and Beiras (2010)
and Beiras et al. (2012). Brieﬂy, approximately 400 zygotes of Par-
acentrotus lividus were added straight after fertilization to the test
chambers, being the developmental stage homogenous for all the
treatments/replicates at the beginning of the test. Zygotes were
added to each test chamber (10 mL) and incubated for 48 h at the
control temperature (±20 C) and natural photoperiod. After that
time, embryogenesis was stopped by adding two drops of 40%
buffered formalin in each test chamber. Larvae were not fed during
the bioassay. Five replicates were prepared per treatment. All
samples were examined under optical and ﬂuorescence micro-
scopes after incubation (Olympus BX43; Software cellSens), and
two toxicity parameters were calculated: percentage of pluteus
larval abnormality (n > 150) (larvae were considered as morpho-
logically normal when they exhibited four separated arms after
48 h incubation) and larval growth (n > 30) (expressed as the
percentage of net response or PNR). The PNR value is the response
in the treatments (increase in length of the larvae) divided by the
control, calculated according to Thain (1991).
The SETs included four experimental conditions: i) treated zy-
gotes (zygotes obtained from exposed gametes from previous
Fig. 1. Fertilization rates of Paracentrotus lividus eggs exposed to different concentra-
tions of polystyrene microspheres (Mean ± Standard Error of the mean; n ¼ 3). As-
terisks indicate signiﬁcant differences between the control and treatments (Dunnett
test, p-value < 0.001).
Fig. 2. Paracentrotus lividus larval growth quantiﬁed as the percentage net response
(PNR) (Mean ± Standard Error of the mean; n ¼ 3). Asterisks indicate signiﬁcant dif-
ferences relative to the control treatment (Mann-Whitney test, p-value < 0.05). EAC:
Environmental Assessment Criteria from Davies et al. (2012).
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bated in untreated test solutions, which contain virgin PS micro-
spheres or HDPE ﬂuff; iii) control zygotes incubated in test
solutions, which contain aged PS or aged HDPE ﬂuff; and iv) control
zygotes incubated in leachate test solutions of virgin PS or virgin
HDPE polymeric particles. Untreated test solutions were aged for 30
days to natural ambient conditions of air, light and temperature.
Test solutions of leachates were obtained from untreated solutions,
which were sealed and stored for 30 days in darkness at ambient
temperature and then ﬁltered (0.22 mm Whatman©glass ﬁbre,
grade GF/F) before use. Three treatment nominal concentrations
were used for each exposure experiment: 103, 104 and 105 micro-
spheres PS/mL FSW and 0.005, 0.5 and 5 g HDPE ﬂuff/L FSW con-
centrations. It was observed that test solutions underwent
evaporation after 30 days of storage under ambient light, air, and
temperature conditions. Consequently, for those solutions, the
salinity was adjusted to 38‰ by adding ﬁltered fresh water before
conducting bioassays.
2.3. Statistical analysis
Statistical analyses were carried out using SPSS v.11.0 (IBM SPSS
software/www.spsss.com). Data were transformed (arcsine of the
square root) and tested for normality using Kolmogorov-Smirnov
or Shapiro-Wilk tests (when the sampling size was  30). How-
ever, the data presented in the ﬁgures and tables were not trans-
formed. Homogeneity of variances was checked using Levene's test
(Gilbert, 1987). Differences were checked by using parametric 1-
way ANOVA tests (Sokal and Rohlf, 1981) or non-parametric tests
(Kruskal and Wallis, 1952), according to the nature of the data. If
signiﬁcant differences were found Dunett (Dunnett, 1995) or
Dunnett T3 (Dunnett, 1980) post-hoc tests were applied for com-
parison against the control sample.
3. Results and discussion
The physicochemical characteristics of testing solutions during
the fertilization bioassay (duration 10 min) remained constant
(temperature ¼ 20 C; salinity ¼ 38.0 ‰; pH ¼ 8.02; dissolved
oxygen ¼ 8.1 mg/L). Physicochemical parameters for the embry-
otoxicity bioassays were within the optimum valuesfor conducting
the SET under all experimental conditions after incubation
(Table S1).
3.1. Effects of virgin PS microspheres on sea urchin fertilization
Toxic effects on fertilization (ANOVA, post hoc Dunnett test; p-
value < 0.05) were observed after the exposure of the sea urchin
eggs to virgin PS microspheres (Fig. 1). The lowest fertilization rate
was observed in eggs exposed to 103 and 104 PS microspheres/mL
FSW (56e58 % success fertilization). Observation under optical and
ﬂuorescence microscopes showed that PS microspheres were not
adsorbed to gamete/zygote membranes but rather were free in the
test solutions. Zygotes obtained from each exposure treatment after
fertilization bioassay were selected by visual inspection with a
microscope, and immediately thereafter used for SET.When treated
zygotes obtained in the fertilization bioassay were incubated in
FSW, toxic effects on embryo and larval development were also
found (Kruskal-Wallis test, p-value < 0.05) (Fig. 2). Larval abnor-
malities, including undeveloped embryos, collapsed embryo
development at early stages, thickening and abnormal proliferation
of the ectodermal membrane and reduced arm length, were
observed. Unfortunately, no zygotes exposed to the lowest con-
centration during fertilization (103 PS microspheres/mL FSW) were
available due to inappropriate handling. Overall, the growth oflarvae from exposed gametes (104 and 105 PS microspheres/mL
FSW) was signiﬁcantly lower than that from controls after 48 h of
incubation, and in a dose-dependent manner (Mann-Whitney test,
p-value < 0.05) (Fig. 2). The decrease in larval size exceeded the
environmental assessment criterion value (mean PNR > 0.5), which
is indicative of signiﬁcant harm to the species (Davies et al., 2012).
Overall, the results suggest that the sublethal toxic effects were
already caused at initial exposure (during fertilization) and
C. Martínez-Gomez et al. / Marine Environmental Research 130 (2017) 69e7672manifested later during embryo/larval development.
3.2. Effects of PS microspheres and its leachates on sea urchin
embryo development
Exposure of the sea urchin zygotes to untreated and aged PS
microspheres as well as to leachates of virgin PS microspheres also
resulted in toxic effects on embryo development (ANOVA 1-way;
Dunnett post hoc test; p-value < 0.05) and larval growth (Kruskal
Wallis; Dunnett T3 post hoc test; p-value < 0.05). Toxic effects
exceeding the environmental assessment criteria (% abnormality >
50 %) (Davies et al., 2012) were only found on the zygotes exposed
to leachates from the lowest concentration (103 microspheres de
PS/mL FSW), with a 100 % prevalence of pre-embryo in the gastrula
stage being found (Table 1; Fig. 3; Fig. 4). In spite of the fact that
signiﬁcant differences between control and PS exposed larvae were
found in most of the samples (with the exception of the sample
with highest concentration of untreated PS microspheres),
embryotoxicity did not follow a dose-dependent pattern (Fig. 5).
However, visual inspection indicated that pluteus larvae ingested
PS microspheres from test solutions (Fig. 6) in a dose-dependent
manner at the time of the SET completion (48 h). This ﬁnding
suggests that observed embryo development abnormalities were
not directly related to the presence of PS microspheres within the
gastric cavity of the larvae. Aggregates (300e500 mm) of PS mi-
crospheres were observed in the testing solutions with the highest
concentrations (Fig. S1), which can limit their potential leaching.
3.3. Effects of HDPE ﬂuff and its leachates on sea urchin embryo
development
Sea urchin zygotes exposed to untreated and aged HDPE ﬂuff as
well as to leachates of virgin HDPE ﬂuff also resulted in toxic effects
on embryo development (ANOVA 1-way; Dunnett post hoc test; p-
value < 0.05) and larval growth (Kruskal Wallis; Dunnett T3 post
hoc test; p-value < 0.05). As for PS microspheres, toxic effects
exceeding the environmental assessment criteria (% abnormality >
50 %) (Davies et al., 2012) were only found on the zygotes exposed
to leachates from the lowest concentrations (0.005 g HDPE/L),
where most larvae were in pre-pluteus stage (ANOVA 1-way;
Dunnett post hoc test; p-value < 0.05) (Fig. 3, Table 1). Similar
toxicity results of abnormalities (from 20 % to 40 %; PNR from 0.87
to 0.67) were found in all the aged test solution concentrations
(Fig. 5, Table 1). With regard to the exposure to untreated solutions,Table 1
Paracentrotus lividus larval length (mm) and growth, quantiﬁed as percentage net respons
control treatment (Mann-Whitney test, p-value < 0.05). SE ¼ Standard error of the mea
Concentration (microspheres PS/mL sea water) Length ± SE (mm) PNR ± SE
Exposure to virgin PS microspheres
Control 316 ± 4 1.00 ± 0.00
103 269 ± 5 0.77 ± 0.02
104 272 ± 6 0.78 ± 0.02
105 289 ± 6 0.82 ± 0.02
Exposure to aged PS microspheres
Control 424 ± 6 1.00 ± 0.00
103 302 ± 5 0.63 ± 0.01
104 355 ± 7 0.78 ± 0.02
105 336 ± 7 0.73 ± 0.02
Exposure to leachates of virgin PS microspheres
Control 459 ± 5 1.00 ± 0.00
103 124 ± 2 0.09 ± 0.00
104 344 ± 5 0.69 ± 0.01
105 331 ± 6 0.65 ± 0.01the highest percentages of larval development abnormalities were
found at the highest concentration (5 g HDPE / L FSW) (Fig. 5,
Table 1). Similarly to the observed results with PSmicrospheres, the
number of larvae with HDPE ﬂuff within the gastric cavity (from
test solutions containing untreated or aged PS microspheres)
increased in a concentration-dependent manner.
3.4. Physical and chemical toxicity of microplastics
The toxicological effects resulting from ingestion and exposure
to microplastics may be a combination of physical and chemical
toxicity (Browne et al., 2013; Teuten et al., 2009; GESAMP, 2015).
We found that the exposure of sea urchin gametes and zygotes to
virgin and aged PS and HPDE microplastics as well as their leach-
ates caused toxic effects on the fecundation rate and embryonic
development. The marked difference in toxicity on embryo devel-
opment between the virgin and aged microplastics test solutions
and the virgin microplastic leachate test solutions suggests that
some leached compounds were volatilized or photodegraded
rapidly. Furthermore, the leachates of these virgin materials were
more embryotoxic than the virgin and aged materials themselves.
This can be due to the higher bioavailability of leached contami-
nants in a solution without suspended material (sorption-desorp-
tion equilibrium not present). As mentioned in the methodology,
there are no technical speciﬁcations from the supplier on the use of
additives in any of the microplastics used in our study. According to
the speciﬁcations, it is unlikely that ﬂuorescent dyes could have
leached from the PS microspheres into seawater. These ﬁndings
suggest that the observed toxicity is likely caused either by the
migration of toxic residual or unreacted quantities of styrene/
ethylene monomers, as well as also by unknown toxic chemicals
used in production and process additives (such as antioxidant) from
the virgin PS microspheres and HDPE ﬂuff. This interpretation of
our results is supported by the ﬁnding that styrenemonomers have
been detected in leachates from the same commercial stock of PS
microspheres (FluoresbriteTM Polychromatic Red 6.0 Micro-
spheres) that was used in our study (Bj€ornsdotter, 2015). Styrene
monomers from ﬂuorescent PS microsphere solutions (6$105 mi-
crospheres/mL seawater) were analysed with GC-MS, reaching a
concentration of 0.17 mg mL1 within 24 h (Bj€ornsdotter, 2015). The
author suggests that using a concentration equal to or lower than
6  105 PS in particle toxicity studies would likely lead to a lower
toxicity caused by a leached styrene monomer in the solutions.
However, we found that leachate solutions obtained from thee (PNR) after 48 h of incubation. Asterisks indicate signiﬁcant differences relative to
n; PS¼ Polystyrene; HDPE¼ High density polyethylene.
Concentration (gr HDPE/L sea water) Length ± SE (mm) PNR ± SE
Exposure to virgin HDPE ﬂuff
Control 288 ± 4 1.00 ± 0.00
0.005 261 ± 4 0.59 ± 0.01
0.5 264 ± 5 0.60 ± 0.02
5 241 ± 0 0.52 ± 0.02
Exposure to aged HDPE ﬂuff
Control 453 ± 5 1.00 ± 0.00
0.005 332 ± 6 0.67 ± 0.02
0.5 417 ± 7 0.87 ± 0.02
5 354 ± 4 0.73 ± 0.01
Exposure to leachates of virgin HDPE ﬂuff
Control 436 ± 6 1.00 ± 0.00
0.005 280 ± 6 0.55 ± 0.02
0.5 408 ± 6 0.89 ± 0.02
5 435 ± 34 0.70 ± 0.03
Fig. 3. Percentage of abnormalities (Mean ± Standard Error of the mean; n ¼ 5) of the sea urchin embryos after 48 h of incubation in leaching solutions of virgin ﬂuorescent
microspheres of polystyrene (PS) and virgin high density polyethylene (HDPE) ﬂuffs. Asterisks indicate signiﬁcant differences between the control and treatments (Dunnett test; p-
value < 0.05). Dashed lines indicate the environmental assessment criteria proposed for this species (Davies et al., 2012).
Fig. 4. Example of sea urchin embryos in gastrula stage after 48 h of incubation in a
leaching solution of 103 virgin polystyrene (PS) microspheres/mL ﬁltered seawater.
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highest embryotoxicity. These ﬁndings can be explained by
microplastic aggregation processes, which were observed in the
untreated PS microspheres and HDPE ﬂuff solutions in a dose-
dependent manner (Figs. S1 and S2). Larger MP aggregates,
because of lower surface areas, will have lower water contact sur-
face than the smaller ones with lower numbers of free MP particles
in the solutions. The highest rate of migration and leaching of
compounds from the MPs in the untreated solutions with the
lowest MP concentrations could possibly explain the signiﬁcantly
highest chemical toxicity observed in the MP leachates from the
lowest concentrations. Reports on the toxicity of styrene to aquatic
invertebrates are usually limited to acute studies under open and
static conditions. The threshold for acute effects falls in the range of
50e100 mg mL1 for many organisms (Canadian Environment,
2003), although it has been demonstrated that styrene causes
mortality in the snail Ilyanassa. obsoleta at concentrations as low as
0.05 mg mL1 (Romano, 2007). On the other hand, Bj€ornsdotter
(2015) also found measurable concentrations of 6 aliphatic hydro-
carbons (C14, C16, C18, C20, and C22) in leachates of the sameHDPE
ﬂuff stock that we used in our study (Abifor 1300/20, Abifor Zürich,
Switzerland). Aliphatic hydrocarbons were detected in leaching
solutions of HDPE ﬂuff in artiﬁcial seawater (20 g/L), which mightcause a chronic toxic response in aquatic organisms (Bj€ornsdotter,
2015). Our results are generally consistent with recent in-
vestigations into chemical toxicity of macroplastic leachates to in-
vertebrates. Exposure to virgin plastic pellets has shown to cause
toxic effects on the embryonic development of sea-urchin (Nobre
et al., 2015) and mussels (Silva et al., 2016). Bejgarn et al. (2015)
found that leachates from plastic products caused acute toxicity
to the marine copepod Nitocra spinipes, although toxic leachates
from cups (PS) and garbage bags (HDPE) were not found. Leachates
from seven commercial plastics, including PS and HDPE macro-
plastics (1  1 cm sections) signiﬁcantly increased barnacle nauplii
(Amphibalanus amphitrite) mortality at the highest tested concen-
trations (0.10 and 0.50 m2/L) and inhibited the settlement on glass
with plastic leachates (Li et al., 2016). PS microspheres used in our
study caused sea urchin embryotoxicity to a lower nominal expo-
sure surface (0.0001e0.01 m2/L) than those used by Li et al. (2016).
Despite differences in the methodology and species, our results
support the observations of Li et al. (2016), who suggest that
toxicity of plastic leachates is life-stage dependent.
On the other hand, PS microspheres did not adhere to sea urchin
gamete/zygote membranes but rather were free in the test solu-
tions, suggesting again that the deleterious effects observed in our
studyweremore likely caused by chemical toxicity than by physical
harm. The ingestion of PS microspheres and HDPE ﬂuff in the larvae
gastric cavity was observed in our study. Whereas the number of
larvae with MPs in the gastric cavity occurred consistently in a
dose-dependent manner, the larvae abnormality rate was overall
similar between treatments (p-value > 0.05). Retention, distribu-
tion and toxicity of microplastics can be diverse and depend on the
size, physicochemical characteristics and host species (Wright et al.,
2013). Consistent with our results, several studies have reported
that ingestion of microplastics by marine invertebrates have no
signiﬁcant deleterious effects on some adult invertebrate species
such as sand hoppers and isopods (Ugolini et al., 2013; H€amer et al.,
2014), and that they pose a limited threat to sea urchins, at least
during its planctotrophic larval stage (Kaposi et al., 2014). Ingestion
of 10e45 mm polyethylene (PE) microspheres by the larvae of the
sea urchin Tripnesteus gratilla did not have signiﬁcant effects on
survival and larval growth, and the larvae were able to egest mi-
crospheres from their stomach within hours of ingestion (Kaposi
et al., 2014). Similar observations were found in the larvae of the
sea urchin Paracentrotus lividus exposed to negatively charged
Fig. 5. Percentage of abnormalities (Mean ± Standard Error of the mean; n ¼ 5) of the sea urchin embryos after 48 h of incubation in testing solutions of virgin ﬂuorescent
microspheres of polystyrene (PS) (a), virgin high density polyethylene (HDPE) ﬂuffs (b), aged ﬂuorescent microspheres of PS (c) and aged HDPE ﬂuffs (d). Asterisks indicate sig-
niﬁcant differences between the control and treatments (Dunnett test; p-value < 0.05). Dashed lines indicate the environmental assessment criteria proposed for this species
(Davies et al., 2012).
Fig. 6. Example of Pluteus larvae of sea urchin (Paracentrotus lividus) exposed during embryo development to ﬂuorescent polystyrene microspheres (105 PS/mL ﬁltered sea water).
Samples examined under optical (left side) and ﬂuorescence (right side) microscope after incubation (zoom x400; Olympus BX43; Software cellSens).
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(Della Torre et al., 2014). However, exposure to positively charged
amine modiﬁed polystyrene (PS-NH2) aggregates (<100 nm)
caused embryotoxicity in larvae of this species with no clear
incorporation of PS-NH2 in embryos (Della Torre et al., 2014), a
ﬁnding that is congruent with the leachate test solution toxicity
results observed in our study. These authors exposed the sea urchin
larvae at varying concentrations (1, 10, 100 and 300 PEmicrospheres/mL seawater) in high-capacity open tanks for 5 days,
and consequently PE microspheres were subjected to aging pro-
cesses (Kaposi et al., 2014), supporting our results of the absence of
physical effects related with the ingestion of MP into the gastric
cavity. Therefore, it seems likely that Paracentrotus lividus larvae
would eject PS microspheres after a period of several days, as in the
case of Tripneustes gratilla, although longer bioassays should be
performed to demonstrate it.
C. Martínez-Gomez et al. / Marine Environmental Research 130 (2017) 69e76 75The greatest proportion of small MP particles (< 80 mm) have
been found in the 10e20 mm size fraction (0.0005 mL1), with high
abundances observed in coastal waters and particularly in the up-
per 55 m. This is likely as a consequence of the pycnocline barrier
(Enders et al., 2015). As far as we know, the highest concentrations
of small MPs recorded in the marine environment (< 80 mm; 0.1
milky-white microspheres$mL1) were reported in a Swedish in-
dustrial harbour (Noren, 2007), and were four orders of magnitude
lower than the lowest concentration used in our study (6 mm;
100 PS microspheres$mL1). However, it has been found that up to
100 000 times higher concentrations of small MPs (ﬁbres) are
retained on an 80 mm mesh compared to a 450 mm mesh (Noren,
2007). Detection methods for small microplastics are in an early
stage of development (Solomon and Palanisami, 2016) and to date
the concentrations of MPs in oceanic or coastal waters with a size
similar to those used in our study are largely unknown.
The marked difference in toxicity between virgin/aged MPs and
virgin MP leachates on embryo development suggests that some
leached compounds from virgin MPs were volatilized or photo-
degraded rapidly. Our observations suggest that particle aggrega-
tion can be expected if MPs are introduced into marine waters at
the concentrations used in our study. It is plausible that organic
matter fouling and subsequent hetero-aggregationwith suspended
solids, algae or detritus, marine snow, etc. will cause settling of MPs
in the pycnocline and sediments (Enders et al., 2015; Long et al.,
2015). It has been suggested that the presence of MPs in the ma-
rine waters represents a limited threat to the larvae of marine
invertebrate organisms, at least during its planctotrophic larval
stage (Kaposi et al., 2014). Our data suggest that pelagic inverte-
brate eggs/zygotes and embryos exposed to supposedly virgin
microplastics in conﬁned environments may experience lethal
toxic effects to leached chemicals from plastic materials. In our
study, the effect of the level of chemical toxicity on the sea urchin
embryonic development passed the environmental assessment
criteria at leachates solutions with concentrations of 103 PS mi-
crospheres/mL seawater and at 0.005 gr HDPE ﬂuff/L sea water
(Beiras et al., 2012; Davies et al., 2012). The toxicity caused by
leaching substances during the dissociation of microplastic aggre-
gates into the marine environment may be of concern and requires
further research.
4. Conclusions
The chemical toxicity of virgin ﬂuorescent polystyrene micro-
spheres (Ø 6 mm) and virgin high density polyethylene ﬂuff (Ø
0e80 mm) on sea urchin gametes and embryos has been demon-
strated. The leachates of these two polymeric materials caused a
higher toxicity to sea urchin embryos than virgin and aged mate-
rials themselves. The presence of suspended materials (MPs or
others) can reduce the total fraction available and their toxicity.
Virgin microplastics may leach unknown chemicals, e.g., additives
or residual and toxic monomers, which appear to be mainly
responsible for the observed sea urchin embryotoxicity. Virgin
micro- and nanoplastics are frequently used as priority model
materials in aquatic toxicity laboratory studies. Our results high-
light the necessity to wash or weather the microplastics before
toxicity testing to obtain clean and chemically inert polymeric
materials to allow a more realistic extrapolation to ﬁeld conditions.
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